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Abstract

Clear Lake, a medium-sized hypereutrophic, polymictic lake in northern California, has had recurring harmful cyanobacteria
blooms (HCBs) for over a century despite reductions in external phosphorus (P) loadings. Internal P loading can alter nutri-
ent availability and limitation supporting HCBs but is rarely quantified or compared with external loads. We have quantified
external P loads from 2019 to 2021 for the three main tributaries (accounting for 46% of the flow) and internal loadings using
two methods: a P mass balance and modeled release rates of soluble reactive phosphorus from oxic and anoxic sediments.
In addition, we combined high-frequency in situ measurements of water temperature and dissolved oxygen, discrete grab
sampling for nutrient chemistry, and remote sensing to explore the potential drivers of the observed variability and provide
a comprehensive view of the spatiotemporal dynamics of HCBs. By understanding the relative contribution of external and
internal nutrient loadings and the relationship between environmental parameters and HCBs, interannual bloom variability
can be better predicted. Comparative estimates of external and internal phosphorus loading indicate that internal sources
accounted for 70-95% of the total P input into the system during the study period. Contrary to other lakes, the intensity of
the summer bloom season was correlated to the timing and duration of anoxia rather than the magnitude of spring runoff.
Internally released P shifted the system from phosphorus to nitrogen limitation during the summer, potentially favoring the
proliferation of nitrogen-fixing cyanobacteria.
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Introduction

Eutrophication poses a grave threat to lentic ecosystems
globally, promoting the proliferation of harmful cyanobac-
teria blooms (HCBs) that reduce aquatic biodiversity, yield-
ing increased water treatment costs, and threatening human
health through bloom-produced cyanotoxins (Ardoz et al.
2010; Chorus et al. 2000; Paerl et al. 2001; Svircev et al.
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2014). Phosphorus (P) has been historically viewed as the
limiting nutrient for primary production in freshwater lakes
(Dillon and Rigler 1974; Smith 1985; Smith and Schindler
2009), and watershed P load reduction programs have been
widely implemented to control HCBs (Schindler et al. 2016;
Xu et al. 2015). While external nutrient loading (L) ulti-
mately regulates lake water quality over longer timescales,
internal loading (L;,,) from sediment nutrient pools defines
the timeframe required for load abatement programs to result
in improved water quality and can directly influence the
intensity of the summer HCB season (Coveney et al. 2005;
Isles et al. 2015; Sgndergaard et al. 2003). Despite the poten-
tial for internal P loading to delay the recovery of eutrophic
lakes, L;, is rarely quantified and directly compared to L,
especially over timescales that adequately resolve the phys-
icochemical and biological mechanisms which contribute
to in-lake P cycling.

When P enters a lake, it can be cycled within food webs
or retained in sediment. Under oxidizing conditions, P is
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adsorbed onto ferric oxy-hydroxides and deposited in sedi-
ments (Einsele 1936; Mortimer 1941). In summer, when
thermal stratification prevents the vertical exchange of dis-
solved oxygen (DO), anoxic sediments release chemically
bound P into porewater, which is eventually internally
loaded into the overlying water column via advection and
diffusion. Aerobic organic matter decomposition can also
promote the release of inorganic and dissolved organic P into
the water column (Hupfer and Lewandowski 2008; Song and
Burgin 2017). While watershed L., can be directly quanti-
fied via stream discharge and nutrient concentration data, L;
is more difficult to assess because internal P sources cannot
be easily measured in situ before biotic uptake (Niirnberg
2009a, b). Methods for quantifying L, include regression
analysis, mass-balance techniques, time-dynamic modeling,
and coupled hydrodynamic-ecological modeling (Burger
et al. 2008; Hakanson 2004; Niirnberg 1988, 2009a, b).

In polymictic systems, L, is frequently ignored or assumed
negligible in mass balance studies since hypolimnetic DO
concentrations in temporarily stratifying systems rarely
remain consistently anoxic (DO < 1 mg L™!) during the warm
growing season (Molot et al. 2010; Niirnberg 2005; Orihel
et al. 2015; Winter et al. 2002). However, elevated total phos-
phorus (TP) concentrations have been observed in eutrophic,
polymictic systems when bottom water DO is depleted
(Burger et al. 2008; Niirnberg et al. 2013a, b). Resolving the
spatial and temporal extent of anoxia and hypoxia (DO <3.5
mg L™!) in frequently mixing systems remains challenging, as
hypolimnetic DO can rapidly decline during stratification, and
reoxygenation regularly occurs with mixing events (Niirnberg
and LaZerte 2016; Tammeorg et al. 2020).

Episodic summertime mixing events can make polymictic
systems highly susceptible to HCBs when nutrient-enriched
waters are transported vertically into the epilimnion dur-
ing the warm growing season. In addition to increasing bio-
available nutrients, a surplus of P relative to nitrogen (N) in
surface waters shifts the system towards nitrogen limitation,
which favors the dominance of nitrogen-fixing cyanobacteria
that often produce cyanotoxins (Orihel et al. 2015; Smith
1983). Non-N-fixing cyanobacteria, such as Microcystis,
can subsequently dominate due to their ability to maintain
net growth under low underwater irradiance (van Duin et al.
1995). An N:P molar ratio < 16:1 is commonly proposed
to indicate N limitation in marine environments (Redfield
1958). However, this may be a poor approximation for nutri-
ent limitation in freshwater systems as nutrient demands
differ for inland and marine ecosystems (Domagalski et al.
2021). Guildford and Hecky (2000) suggested that in lakes,
N limitation occurs at TN:TP molar ratios < 20:1, though the
molar TN:TP threshold indicating shifts in nutrient limita-
tion is likely system-specific (Klausmier et al. 2004).

This study explores the linkages between internal P
loading and the interannual variability of HCB severity in
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a hypereutrophic, polymictic system. We combined data
from a range of sources collected over a 3-year period to
quantify the internal and external nutrient loads and their
relationship to the magnitude of the summer HCB season in
Clear Lake, California. We estimated (1) net annual inter-
nal P loads from observed changes in the integrated lake P
during the dry season, and (2) gross P loads derived from
experimental sediment soluble reactive phosphorus (SRP)
release rates and estimates of hypolimnetic hypoxia. The
terms net and gross respectively differentiate whether or
not the P fraction removed from the water column via sedi-
mentation is considered in the associated calculations. For
the latter method, we applied a novel approach, comparing
theoretical estimates of sediment anoxia [i.e., Niirnberg’s
anoxic factor (Niirnberg 2005)] with in situ hypolimnetic
DO measurements to calibrate the system-specific threshold
for which redox-mediated internal P loading will occur. In
addition, we examined how interbasin and interannual vari-
ability in the timing and duration of mixing events influences
the summer HCB season.

We hypothesize that (1) P release from anoxic sediments
is the primary source of phosphorus loading to Clear Lake;
(2) internal P loading is one of the main drivers of blooms
of nitrogen-fixing cyanobacteria by lowering N:P ratios,
creating a nitrogen-limited environment; and (3) the annual
variation in the timing and duration of hypoxia regulates
the magnitude of the summer HCB season. We then com-
pare the strengths and limitations of each internal loading
estimate to provide insight for improving loading estimation
methods in polymictic systems. Finally, the contribution of
internal loading to Clear Lake’s overall phosphorus budget
is assessed to determine if current lake management policies
can be expected to improve water quality in the long term.

Materials and methods
Study site

Clear Lake is a shallow, polymictic lake located in the
coastal range of northern California (39°00'N; 122°45'W).
The lake has an average surface area (4,) of 151 km?, mean
depth (Z,.,,) of 8 m, and maximum depth (Z_,,) of 15 m
(Table 1). Annual precipitation variability and water releases
result in year-to-year water surface elevation fluctuations
from nearly 1 m below the natural rim of the lake to nearly
3 m above it. As a result of the lake’s relatively shallow
depth, long fetch, and the prevailing west/northwesterly
winds, Clear Lake mixes to the bottom frequently during
the summer months when the water column is thermally
stratified. The lake has three distinct sub-basins: Upper,
Oaks, and Lower Arm (Fig. 1). The Upper Arm (UA) is
the largest and shallowest basin and receives over 90% of
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Table 1 Physical characteristics

. Characteristic Upper Arm (UA) Oaks Arm (OA) Lower Arm (LA) Whole lake
of Clear Lake and sub-basins.
Values in parentheses indicate Station(s) UA-01, UA-06, UA-08  OA-04 LA-03 All
percentage of total lake Catchment area (A, km?) 1031 89 83 1190
Surface Area (A,, km?) 106 (70%) 15 (10%) 30 (20%) 151 (100%)
Max depth (Z,.,,, m) 11 14 15 15
Mean depth (Z,,,,, m) 6 9 8.5 8
Volume (V, km?) 0.66 (63%) 0.13 (12%) 0.27 (25%) 1.11 (100%)
Dynamic ratio (DR, km/m) 1.7 0.4 0.7 1.5

Fig. 1 Subsurface instrument mooring, water column and sediment
core sampling sites in Clear Lake, California with 2 m bathymetry
contour lines. The two-character site prefix indicates locations in
Upper Arm (UA), Oaks Arm (OA), Lower Arm (LA), and Narrows
(NR). Locations of subsurface monitoring moorings are marked with

the watershed runoff. This includes flows from the lake's
three largest inlets: Middle, Scotts, and Kelsey Creek. A
passage at the east end of the UA (the Narrows), connects
to the two smaller and deeper basins. The Lower Arm (LA)
discharges into the lake’s only outflow, Cache Creek, while

Scotts /'

Creek

white circles, and locations of shoreline meteorological stations are
shown by black triangles. The insert to the right of the bathymetrical
map shows the location of the Clear Lake watershed in California, its
extent, and the location of the main creeks

the Oaks Arm (OA) is the smallest basin and extends east of
the Narrows. The residence time of the whole lake has been
estimated at 4.5 years (Chamberlin et al. 1990).

The lake is naturally highly productive due to its large
drainage basin area, which contributes to a significant
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external load of mineral nutrients from nutrient-rich volcanic
soils within the watershed (Wilson 2015). Paleolimnologi-
cal evidence indicates that the lake has supported abundant
phytoplankton production for the past 15,000 years (Sims
1988). However, since the mid-1800s, anthropogenic modi-
fications to the watershed (e.g., wetland conversion, shore-
line development, agriculture, and mining) have significantly
increased sediment and nutrient loading to the lake, exacerbat-
ing eutrophication and promoting the proliferation of HCBs
(Suchanek et al. 2002). The earliest lake nutrient measure-
ments, collected from 1969 to 1972, recorded peak summer
dissolved P concentrations up to 0.5 mg L™, Clear Lake has
also warmed during this period; average summer surface tem-
peratures increased by 1.39 °C (95% CI +0.63) from 1970
to 2020 (Online Resource Fig, S.1), favoring cyanobacteria
proliferation (Smucker et al. 2021). Monitoring of shoreline
cyanobacteria and cyanotoxins is presently conducted by the
Big Valley and Elem Indian Colony Environmental Protection
Departments (https://bit.ly/ClearLakeCyanoProgram), which
provides biweekly toxin risk assessment maps.

Cyanobacteria assemblages typically form between
April and October and have been historically dominated
by N-fixing cyanobacteria Dolichospermum, Lyngbya, and
Gloeotrichia, as well as the non-N-fixing cyanobacteria
Microcystis, Planktothrix, and Pseudanabaena (Rich-
erson et al. 1994; Winder et al. 2010). All these genera
are capable of producing cyanotoxins (Bldha et al. 2009).
Horne and Goldman (1972) determined that atmospheric
fixation accounts for 40% of Clear Lake’s annual nitrogen
inputs. Blooms tend to first form and be most persistent in
the eastern arms of the lake (OA and LA), where surface
scums accumulate due to prevailing winds but can also
frequently occur in natural coves within the UA (Richerson
et al. 1994; Tetra Tech 2004). The bloom season is gen-
erally defined by two peaks in biomass occurring in late
spring and early fall, separated by a minimum in August
(Horne 1975). Wurtsbaugh and Horne (1983) hypothesized
that the exhaustion of available iron during the midsum-
mer limited atmospheric nitrogen uptake and catalyzed the
die-off of N-fixing species in the late summer.

To reduce the nutrient loads in Clear Lake, a total maxi-
mum daily load (TMDL) was established in 2006, limit-
ing watershed inputs to a target TP load of 239.1 kg day~!
(548 mg m~2 year™! Tetra Tech 2004). In addition, a pipeline
was completed in 2003 to divert wastewater discharges from
the lake to nearby geothermal steam fields (Water Resources
Department of Lake County 2010). While watershed resto-
ration efforts (e.g., erosion control and wetland restoration)
have been implemented to reduce external P sources and
attain TMDL targets, HCBs continue to regularly occur each
summer, and annual maximum lake TP concentrations have
not declined in 17 years following the implementation of
the regulation.
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Field data collection

Six bottom-moored thermistor and oxygen sensor arrays
were deployed in the three basins of the lake in March 2019,
continuously measuring water temperature and dissolved
oxygen (DO) through the water column (Fig. 1). The moor-
ings are comprised of RBR s0lo’T thermistors (0.002 °C
accuracy, 0.0002 °C resolution) spaced ~1 m apart with
RBR c0daT.ODO dissolved oxygen sensors (accuracy 0.26
mg L~! and resolution <0.03 mg L™!) at a height (z) of 0.5 m
above the lakebed. The deepest site in each arm (OA-04,
LA-03, and UA-06) also contained RBR-DO loggers at
z=2 m and PME miniDOT dissolved oxygen sensors (accu-
racy 0.3 mg L™! and resolution of 0.01 mg L) at~4-5 m
below the surface. Thermistors and RBR DO and PME DO
loggers sampled at intervals of 10 s, 30 s, and 1 min, respec-
tively. A detailed description of the mooring setup can be
found in Online Resource Sect. 2. Water samples were col-
lected using a peristaltic pump and silicon tubing lowered
to four depths (0.5 m below the surface and z=1, 2, and 4 m
above the bottom) every ~ 8 weeks in winter and ~ 6 weeks
in summer. Once collected, samples were stored in the dark
on ice and transported to the laboratory for processing. Dis-
solved samples were filtered through a 0.45 um filter within
24 h of sampling to limit reabsorption of dissolved mate-
rial. Samples were analyzed for a range of dissolved and
particulate carbon, N and P forms, and chlorophyll using
the analytical methods outlined in Online Resource Sect. 3.
Meteorological data were obtained from seven stations
deployed along the perimeter of the lake at Nice (NIC),
North Lakeport (NLP), Big Valley Rancheria, (BVR),
Konocti Bay (KNB), Jago Bay (JGB), Buckingham Point
(BKP), and Clearlake Oaks (CLO). Air temperature, rela-
tive humidity, incoming shortwave solar radiation, and wind
speed and direction were measured every 15 min with Davis
Instruments Wireless Vantage Pro2 Plus® meteorological
stations. At each site (except BVR), a surface water tempera-
ture sensor (Onset Water Temp Pros® with 0.2 °C accuracy,
0.02 °C resolution) was deployed ~ 0.5 m below the lake
surface, sampling every 10 min. Hourly precipitation data
were obtained from the Mt. Konocti Meteorological Station
operated by the Western Regional Climate Center.

Cyanobacteria dynamics

To quantify large-scale variability of HCBs in Clear Lake,
we utilized remote sensing data collected by the Ocean Land
Color Instrument on board the Copernicus Sentinel-3 satellite
and post-processed by the National Oceanic and Atmospheric
Association (San Francisco Estuary Institute 2022). Satellite
imagery estimates the abundance of cyanobacteria (i.e., Mod-
ified Cyanobacteria Index [CI]) by measuring the absorption
of light by chlorophyll and phycocyanin, a photosynthetic
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pigment specific to cyanobacteria (Stumpf et al. 2009).
Abundance data can be estimated for the top 1 m of the water
column with a pixel resolution of 300 m. We assessed 10-day
running maximum composites of daily products to avoid data
contaminated by clouds and glint. All pixels adjacent to the
lake shoreline were excluded from this analysis, as edge
water pixels may be contaminated with spectra of adjoining
land features (Iiames et al. 2021). While this remote sens-
ing product has not formally been validated for Clear Lake’s
lake-specific cyanobacteria community, Lunetta et al. (2015)
demonstrated that this algorithm provided robust estimates
for cyanobacteria cell counts in lakes spanning eight states
in the Eastern United States. We determined that this tool
provided accurate quantitative information on the seasonal
dynamics of cyanobacteria blooms in Clear Lake by com-
paring measured cyanobacteria biovolumes from surface
samples with the modified CI from overlapping pixels col-
lected on the same day (Online Resource Sect. 4). While the
tool did not detect cyanobacteria below concentrations of 10
um? L', the modified CI was significantly correlated with
biovolume above this threshold (R’ =0.51, p<0.01, n=50).
We expect this correlation to improve once the remote sens-
ing product is fully validated for Clear Lake’s cyanobacteria
community, as was initially conducted in Sharp et al. (2021).
These data were assessed by calculating the spatially aver-
aged CI and percent coverage of blooms in each arm. To
quantify the lake-wide and arm-specific severity of each sum-
mer HCB season, we calculated the bloom magnitude metric
(BM, Mishra et al. 2019) by calculating the spatiotemporal
mean CI from June to October each year as

T

,
IPNE! M

t=1 p=1

BM =

~NI=

where the indices P and T respectively represent the number
of valid pixels with detectable CI in a basin and the number
of composite time sequences in each month.

External load estimates

Annual external P loads (Jan—-Dec) were quantified for the
three primary tributaries (Kelsey, Middle, and Scotts Creek)
using 15-min stream gauging data collected by the California
Department of Water Resources (DWR) and stream-specific
linear regressions relating discharge to TP derived from rou-
tine stream monitoring data collected by the Lake County
Water Resources Department (LCWRD) from 2008 to 2018
(Online Resource Sect. 5). While these streams account for
73% of the total inflow into Clear Lake (Richerson et al.
1994), gauges are located several miles upstream of the lake
inlet, and therefore the gauged area accounts for 46% of the
Clear Lakes inflows (Lake County Watershed Protection Dis-
trict 2009; Tetra Tech 2004). The cumulative nutrient load

was multiplied by a factor of 2.18 to account for the ungauged
portion of the watershed. P inputs from atmospheric deposi-
tion (L,,,,) were calculated using wet (0.25 mg TP m~2 day ™)
and dry (2 mg TP m~2 day~!) P deposition rates from Lake
Tahoe (Jassby et al. 1994), located approximately 220 km east
of Clear Lake. These rates are higher than the average of 38
North American sites (0.12+0.11 mg TP m~2 day™") reported
in Tipping et al. (2014). The deposition rates were the nearest
available but introduce uncertainty, considering that rates can
vary due to impacts of wildfires, prevailing winds and sources
(Boehme et al. 2011). However, given that atmospheric depo-
sition accounted for less than 3% of the total load in all years
(see Sect. 2.3), the uncertainty introduced to P budget esti-
mates was considered minimal. Rates were multiplied by
lake surface area to calculate the daily atmospheric TP load,
depending on the form of deposition determined from pre-
cipitation data. P inputs from groundwater were considered
negligible, as groundwater flows contributes less than <0.3%
of the total inflow (Richerson et al. 1994). Wastewater effluent
from the large population centers along the southern, east-
ern, and northern shores is collected and exported outside the
watershed via a pipeline. Therefore, it was also assumed that
the nutrient loads from wastewater would be minimal. P out-
puts to Cache Creek were calculated from outflow discharge
volume. Streamflow data were obtained from the US Geo-
logical Survey (USGS) Cache Creek Rumsey gauge (USGS
site 11451800), located ~ 20 miles downstream from the Clear
Lake outlet. No water quality data were collected from this
stream, so outflow TP concentrations were assumed to be
equivalent to LA surface concentrations.

Mass balance models of internal loading

We compared watershed and atmospheric TP loads against
two estimates of internal P loading to determine the relative
contributions of external and internal P loading to Clear Lake’s
P budget. The terminology of Niirnberg (20094, b) is used for
consistency with the published literature. All internal loads
are presented as areal annual loading rates (mg m~2 year™!) to
enable comparison between sub-basins.

Method 1: in situ increase in water column phosphorus

The net total and dissolved internal loads (L;,, ;) were calcu-
lated as the observed increase within the water column during
the dry season (May—October) of TP and SRP, respectively,
with Eq. 2.

(Qx%)(ﬁx%)

Ly, = 1 T )

02 01

Here, ¢, and ¢, are the dates of the annual minimum
and maximum water column TP and SRP concentrations,
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respectively, P, is the corresponding depth-averaged P con-
centration through the entire water column, V, is basin vol-
ume (m?), and A, is basin surface area (km?). Hydro-acoustic
survey data (ReMetrix 2003) were used in conjunction with
the USGS Clear Lake level gauge at Lakeport (USGS site
11450000) to determine basin surface areas and volumes at
a daily time step. Lake-wide loading rates were calculated
from a surface area-weighted average of the three arms. L; ;
yields a net estimate, integrating both inputs and losses to
sedimentation and biotic uptake. While external loading was
excluded in this method, most of Clear Lake’s tributaries are
seasonal, diminishing to a trickle during the dry season, and
are not expected to impact loading estimates.

Method 2: modeled SRP flux from anoxic sediments

Modeled estimates of gross internal P loading released from
anoxic lake sediments (L;, ,) were quantified as the product
of two component terms: days of active anoxic sediments
(AA) presented in units of days per year that an entire basin’s
surface area is actively releasing P, and areal sediment P
release rate (RR) (Eq. 3, Niirnberg 2009a, b).

L » =AAXRR 3)

AA was directly estimated as the number of days that
deepest near-sediment DO logger in the water of each arm
recorded hypoxic conditions (AA,;,). When the hypolimnion
is hypoxic, underlying sediments can become completely
anoxic and release P into the water column (Eimers and
Winter 2005; Niirnberg et al. 2013a, b), as microbial-medi-
ated sediment anoxia does not require anoxia in the overly-
ing water column (Holdren and Armstrong 1980). Since the
specific hypolimnetic DO threshold for which underlying
sediment will become anoxic is not well defined, we cali-
brated the hypoxic threshold indicating elevated P release
by comparing observed DO measurements against AA 4,
modeled from a log-linear regression previously applied to
quantify hypoxia in polymictic systems (Eq. 4, Niirnberg
1996).

Zmean
—36.2 + 50.110g (TPy,_o¢) +0.762=20 (4)

AA A0S

mod —

Here, TPy, o is the June to October volume-averaged
TP concentration for each lake basin, and Z,,, /A %" is the
basin morphometric factor with Z . in units of m and A
in km?. A hypoxic threshold of 3.5 mg L™! was selected to
calculated AA ;. as this level minimized the error between
modeled and observed hypoxic days (root-mean-square
error [RMSE]=10.9 days). While this threshold for redox-
dependent P flux is higher than employed in many internal
P loading studies, elevated deep-water TP concentrations
have been observed at this DO concentration in comparable
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eutrophic polymictic systems (e.g., Lake Simcoe, Eimers
and Winter 2005; Niirnberg et al. 2013a, b).

Empirically derived sediment P flux rates

Arm-specific sediment SRP flux rates (RR_,.) were quan-
tified via incubation of quadruplicate sediment cores col-
lected from all monitoring sites in November 2019. Samples
were collected with a large-bore gravity corer from Aquatic
Research Instruments fitted with polycarbonate core tubes
(length 0.5 m; diameter 9.5 cm) and stored on ice during
transport. Each core contained 15-25 c¢m of sediment and
25-35 cm of overlying water. To standardize within-site
initial conditions, overlying water for each core set was
siphoned off, filtered through a 0.45 um membrane, and
homogenized within a large carboy before being pumped
back. Two duplicate cores were incubated under anoxic
conditions, maintained by bubbling with nitrogen gas bal-
anced with 350 ppm CO, for pH buffering (Moore et al.
1998; Ogdahl et al. 2014), and the remaining two were
incubated under oxic conditions by bubbling with air. All
incubations were maintained at a constant temperature of
15 °C and sampled approximately every 3 days for a 30-day
period. Loading rates were calculated at an hourly time step
by applying either oxic or anoxic release rates to the entire
surface area of each arm based on observed hypolimnion DO
concentrations. To account for the temperature dependence
of reaction rates, fluxes were modified by van 't Hoff’s Q,,
rule of 3 (i.e., a 10 °C temperature increase corresponds to
a tripling of the P flux rate, Eq. 5). This Q,, coefficient has
been widely used to model temperature effects of diffusive
P fluxes (Liikanen et al. 2002; Niirnberg 2009a, b).
RlaTemp = RRcore X Q(lt(i)_w)/lo (5)
Here, RRy,, is the average hourly P flux rate based on
the deviation of the observed sub-basin hypolimnetic tem-
perature from the incubation temperature (¢,—15) and Q,,=3.
Experimentally determined RR values were compared
against two other modeled RR estimates derived from water
column and sediment TP concentrations. In a study of anoxic
incubated sediment cores from 17 reservoirs across the US
central plains, Carter and Dzialowski (2012) found that RR
values were significantly correlated with trophic status and
TP concentration in the water column and developed a log-
linear model to predict RR from summer TP concentrations
(Eq. 6, R®?=0.37, p=0.009, n=17).

log(RRp) = —0.540 + 0.827 log (TPjyu_oc() (6)

Here, TP;,,,_o. 1S the depth-averaged TP concentration in
the photic zone. Unlike the original study, we chose to use
the average TP concentration throughout the water column,
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since intermittent mixing facilitates consistent vertical nutri-
ent transport in Clear Lake throughout the summer. RR val-
ues are also correlated to sediment P composition (Niirnberg
1988) and can be estimated via a regression with sediment
TP concentration (Eq. 7, R?=0.1, p<0.001, n=63).

10g(RRq) = 0.8 4+ 0.76 log (TP,) @)

Here, TP, is the average concentration of TP in the
upper 5 cm of lake sediment in mg g~! of dry weight. Sedi-
ment TP concentrations were measured from oxic incubation
cores following the November 2019 incubation.

Stratification metrics

The timing of stratification events was determined based on
the mean hour Brunt-Viisild buoyancy frequency in the
water column (N [s‘l]). We assumed Clear Lake was ther-

mally stratified when N>0.015 s, a threshold previously
determined by Cortés et al. (2021).

Statistical analyses

Ordinary least squares regression analyses between explana-
tory environmental factors (nutrient concentrations, daily
average surface water temperature, and 3-day trailing aver-
age wind speed/DO) with cyanobacteria biovolume were
performed in MATLAB to determine which set of param-
eters predicted the greatest variation in cyanobacteria inten-
sity (CI). A Box—Cox transformation (boxcox MATLAB®
function) was applied to each dataset to ensure normal dis-
tribution. Spearman rank correlations were initially calcu-
lated to assess the strength and direction of the association
between each predictor variable and cyanobacteria response.
A minimum redundancy—maximum relevance (MRMR)
algorithm (fsmrmr MATLAB® function) was then applied
to rank the importance of each predictor and determine the
appropriate number of predictor variables to include in a
regression. MRMR is a two-stage feature selection algorithm
that finds the optimal set of predictors that are mutually and
maximally dissimilar and can represent the response variable
effectively (Peng et al. 2005). The algorithm first calculates
the relevance of each predictor, based on the mutual infor-
mation metric, and then calculates the redundancy between
each predictor pair. Predictors are then ranked by subtract-
ing redundancy from relevance. The optimal multiple linear
regression model was then selected based on the adjusted R>
and the Bayesian information criteria (BIC).

To assess the strength of long-term and seasonal trends
in HCB intensity, the time series of spatially averaged CI for
each basin and the entire lake was decomposed (trenddcomp
MATLAB function) into additive long-term trend (LT), sea-
sonal trend (ST) and residual (R) components such that the

observed CI=LT + ST+ R. The strength of the long-term
trend (F;) and seasonality (F) between 0 and 1 was evalu-
ated via Egs. 8 and 9 (Wang et al. 2006):

Var(R)

Fr=maxO.1 - Fr 7R ®)
_ __ Var®)

Fg = max(0, 1 VarST + R)) ®

Results

Spatial and temporal variability of stratification
and hypoxia

Thermistor chains recorded multiple intermittent cycles of
thermal stratification and mixing from March to November
each year with stratification periods ranging from daily to
monthly timescales (Online Resource Figs. S.3-S.5), sur-
face temperatures ranging from 22 to 29 °C, and vertical
temperature differences exceeding 6 °C during the summer-
time. Within a week of stratification onset, hypolimnetic DO
concentrations rapidly declined to anoxic levels due to high
oxygen demand in the hypolimnion, but the timing and dura-
tion of these events differed in each of the three summers
(Table 2). In 2019, the lake was more consistently anoxic
during May and June (31% of the time) than in 2020 (5%) or
2021 (12%). In contrast, the lake was less anoxic in July and
August 2019 (37%) than in 2020 (45%) or in 2021 (73%).
Similarly, anoxia rarely occurred in September and October
2019 (1%) but was more frequently observed in 2020 (15%)
and 2021 (10%). Although the earliest anoxic period was

Table2 Annual totals of observed hypoxic days in the hypolimnion
Upper (average of three monitoring sites), Oaks (OA-04), and Lower
(LA-03) Arms at three DO thresholds and the modeled active sedi-
ment area factor (equation 4, AA_ )

2019 2020 2021

Upper (average) HDO< =1 mgL™! 28 39 49
HDO< =2mgL™! 61 56 61
HDO<=35mgL™! 88 93 88
AA,q 84 93 101

Oaks HDO< =1mgL™! 25 37 4
HDO< =2mg L} 39 52 56
HDO<=35mgL™! 73 77 91
AA,, 78 88 95

Lower HDO< =1mgL™! 23 24 37
HDO< =2 mg L} 35 36 50
HDO<=35mgL™! 59 71 82
AA, 82 92 99
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observed in April 2019, the cumulative duration of anoxia
and hypoxia increased across all arms each subsequent year
of the study (Fig. 2). In 2020 and 2021, the lake remained
continuously thermally stratified throughout much of the
mid-summer, resulting in multi-week hypoxic periods in all
three arms in July and August.

~ UA aEsss———— e o e o

§OA» . eEEBeEDeEmeEe ® @® ¢ - ]
LA . e-reassesees ® ®

oUAr - os o @ - e =

cO\IOA - -— eamms o cosmmm - -

NLA» - ®e mEmm e o .

O’)UA' -— - o e ammme ¢ ¢ S0 -

SOA» = -— -ase oo . |

NLA - - ane w

Fig.2 Timing of hypolimnetic anoxia across Clear Lake sub-basins.
Black dots indicate periods when hourly DO <1 mg L™!

600

Clear Lake’s spatially variable wind field drove interbasin
variability in the duration of summertime stratification and
hypoxia. Winds blow predominantly along a northwesterly
axis, and the orographic effect of Mount Konocti focuses
winds through the Oaks and Lower arms resulting in higher
wind speeds in the eastern side of the lake relative to the
west (Rueda et al. 2008). As a result, the UA experienced
longer periods of stratification and hypoxia than the other
two arms, despite its comparatively shallow depth. A fre-
quency distribution of summertime wind speeds highlights
the interbasin variability in wind forcing (Online Resource
Fig. S.9). In the UA, summer winds averaged between 0.81
and 0.98 ms™! and rarely exceeded 5 ms™!, while winds in
the two eastern arms averaged between 1.30 and 3.02 ms™!,
with gusts up to 10 ms~!. These stronger winds provided
more mechanical energy to the eastern two arms, frequently
eroding the thermocline of these arms days before the UA
mixed. For example, at the end of stratification periods in
August 2020 and 2021, N in the UA remained above the
0.015 s~ stratification threshold for 3 and 5 days longer,
respectively, than in the other two arms (Fig. 3).

400 —

—UA

CI

100

% Coverage

0 v
Apr 2019 Jul 2019 Oct 2019 Jan 2020 Apr 2020 Jul 2020

Fig.3 a Spatially averaged, 7-day moving average of the trailing
10-day maximum modified cyanobacteria index Upper (dark gray),
Oaks (light gray), and Lower (black) arms. b Percent coverage of
cyanobacteria of arm surface area. ¢ DO measured at 0.5 m above
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sediment—water interface at deepest point in each arm. The dashed
line indicates the 3.5 mg L™! hypoxia threshold. d Average buoyancy
frequency in the water column. The dotted line indicates the threshold
for stratification at N =0.015 s~! (2019-2021).
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Seasonal nutrient variability

Lake-wide TP concentrations followed a consistent sea-
sonal pattern in all three arms, with annual minimums
observed each spring (< 0.05 mg L), increasing through-
out the summer and peaking in early fall (Fig. 4). The
annual peak concentrations were observed simultane-
ously in all three arms, with the highest concentrations
occurring in the UA (0.5-0.8 mg L™") during September
2019 as well as in October 2020 and 2021. The maxi-
mum concentrations in the deeper OA and LA sites were
comparatively lower, ranging from 0.3 to 0.7 mg L',
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The summer TP increase was primarily comprised of
SRP, which accounted for 75-95% of TP in the water
column from July to October. Elevated TP and SRP con-
centrations in the hypolimnion in early summer preceded
increases in the epilimnion in early fall. Average TN
concentrations followed a similar seasonal pattern with
annual minimums in the spring (~0.35 mg L™!), increas-
ing throughout the summer and reaching a peak in the
fall/winter (0.5-1.1 mg L™"). TN was significantly cor-
related with TP (r=0.59, p <0.001). NH,, measured from
March 2020 onwards, was higher in the summer and fall
(0.125 mg L™") than in winter and spring (~0.002 mg L")
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with the highest concentrations observed in the LA and
the OA. Like SRP, NH, concentrations increased sharply
near the lakebed during the summer, indicating internal N
release. In contrast, NO,—~NO; concentrations were higher
in the fall and winter (0.08-0.14 mg L1 and lower (0.001
mg L™!) during spring and summer, suggesting that algal
uptake and denitrification was occurring during stratifica-
tion. The seasonality of NH, and NO,—NO; accounts for
the variability in TN. In addition, external loading of N
following winter storms likely contributed to higher win-
tertime TN concentrations.

External loads

Total external areal TP loads from the watershed to Clear
Lake during 2019, 2020, and 2021 were 72, 40, and 80 mg
TP m~2, respectively, while areal TP loads from atmos-
pheric deposition (L,,,,) were 78, 84, and 80 mg TP m™2 in
each respective year (Table 3). The interannual variation
in L, resulted from the extreme variability in the region’s
precipitation, with 2019 being a wetter-than-average year,
while 2020 and 2021 were two of the driest years on record
(Fig. 5a). External TP inputs from tributaries are primar-
ily conveyed to the UA (>90% of watershed inflows) and
varied seasonally. External loads were greatest during the

Table 3 Comparison of external

. Year Loy Lym Basin Ly Liy 4 Ly 5 core Liy > 1p TMDL
loading s for Clear Lake TP SRP RRuy  RRp
and sub-basins (2019-2021) 2019 721 78 UA 2830 2690 1770 2900 548
OA 2550 2400 2950 1810
LA 1960 1590 2020 1350
Clear Lake 2630 2440 1960 2500
2020 40 84 UA 3840 3840 2300 4510
OA 4120 3860 4640 2780
LA 3540 3320 3350 2270
Clear Lake 3800 3740 2810 3910
2021 80 80 UA 3790 3110 2290 4780
OA 4680 4140 5440 4060
LA 3730 3510 4820 3240
Clear Lake 3860 3280 3240 4400

All load estimates are presented as areal rates in mg TP m~2 year™. Clear Lake nutrient TMDL is shown in

the right column for comparison
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winter (October—March), declined throughout the spring,
and reached near zero during the summer.

Internal loads
In situ increase in water column phosphorus (L;, ;)

Net lake-wide, annual, and internal TP loading estimates
derived from water column measurements were 2630, 3800,
and 3860 mg TP m~2 in 2019, 2020, and 2021, respectively,
with more than 40% variation in loading rates observed
between arms (Table 3). L, ; estimates for SRP fluxes were
similar in magnitude with rates of 2440, 3740, and 3280 mg
SRP m~2 during each respective summer. The timings of the
TP and SRP internal loads were consistent with one another.
The lowest areal loading rates consistently occurred in the
LA, while the highest rates were observed in the UA in 2019
and in the OA in 2020 and 2021. Despite lower observed
TP concentrations in the OA, its surface area is 88% smaller
than the UA, resulting in comparative areal release rates
between the two arms.

Modeled P flux from anoxic sediments (L;, ,)

Mean estimates for basin-specific anoxic sediment SRP
release rates in incubations ranged from 10.5 to 24.6 mg SRP
m~2 day~!, while oxic release rates were an order of magni-
tude smaller, ranging from 0.17 to 0.6 mg SRP m~2 day~!
(Table 4). Release rates from the UA ranged from 8.8 +0.09
(UA-08) to 11.6+0.94 mg m~2 day™' (UA-01) and were
more than 50% lower than those observed in the Narrows
(26.7 +3.86 mg m~2 day™'), the OA (24.9 +0.86 mg m™>
day™'), or in the LA (21.4+1.61 mg m~2 day™!). RR rates
calculated from sediment TP concentrations (RR,.,) were
significantly lower than observed in lab incubations and
ranged from 6.1 to 7.9 mg m~2 day ™!, while fluxes modeled

Table 4 Comparison of estimated sediment P release rates (mg TP
m~2 day™!)

Method UA (mean) OA LA
Oxic RR . 0.17 0.55 0.61
Anoxic RR . 10.5 24.6 21.4
RR 4 6.1 6.1 7.9
RR1p 2019 30.9 25.7 229
RRp 5020 45.0 38.1 34.1
RRyp 5091 54.4 44.6 39.5
RR_,. is the average SRP diffusive flux measured in duplicate oxic

and anoxic sediment cores. RR, is the TP release rate modeled from
linear regression with TP concentration in the upper 5 cm sediment of
duplicate oxic cores. RRyp is the TP release rate modeled from linear
regression with average summer TP concentration through the water
column for each study year.

from lake summertime TP concentrations (i.e., RRyp) ranged
from 22.9 to 30.9 mg TP m~2 day ! in 2019, 34.1 to 45.0 mg
TP m~2 day~! in 2020, and 39.5-54.4 mg TP m~2 day~! in
2021 across arms. RRyp estimates in 2019 were consistent
with RR,,. estimates for the OA and the LA but predicted a
substantially larger RR in the UA than was experimentally
determined.

The lake-wide gross internal SRP loads estimated from
the incubation release rates (L, ; cor) Were 1960, 2810, and
3240 mg SRP m~2 year™! in 2019, 2020, and 2021, respec-
tively. Modeled internal TP load estimates utilizing RRyp
(Liy 2 Tp) Were 28-36% larger than predicted by core incu-
bation: 2500, 3910, and 4400 mg TP m~2 year~! in 2019,
2020, and 2021, respectively. Greater loading rates predicted
from RRyp were due to higher predicted sediment flux rates
in the UA.

Cyanobacteria temporal and spatial variability

Satellite imagery recorded two peaks in cyanobacteria bio-
mass in Clear Lake each summer, though there was sig-
nificant interannual variability in the timing and intensity
of the HCB season (Fig. 3, Online Resource Fig. S.6). The
bloom magnitude (BM) metric indicated that the HCB was
increasingly intense each summer (BM)=28115, 16,848, and
37,572 in 2019, 2020, and 2021, respectively. Time series
decomposition of the CI time series further demonstrated
that there was a strong long-term increasing trend in the
HCB intensity across all three arms (F;=0.56, 0.58, 0.60
in the UA, OA, and LA, respectively, Online Resource Fig.
S.11).

In 2019, following a particularly wet winter, the spatial
extent of the bloom was relatively small, with large patches
only detected from July through early October in each arm;
peak cyanobacteria biovolumes occured in late August. An
early summer bloom began forming in the LA on July 4,
2019, following a 12-day stratified period and subsequent
mixing event on June 26. The LA bloom increased in size
from July 18 to 31, while the lake remained thermally strati-
fied, reaching a maximum extent of 80% of the arm’s sur-
face area on July 31 before declining through mid-August
following a mixing event on August 1, indicated by a
decreasing N and a sudden increase in bottom DO. A sub-
sequent fall bloom began forming in the OA and the LA on
August 22, shifting to the UA 2 weeks later on September
10. The fall bloom continued to grow, reaching a spatial
coverage of 97% of the UA’s surface in late September,
while water temperatures declined, and the lake became
increasingly well mixed. The fall bloom rapidly declined
from its peak on September 28, covering less than 2% of
the UA surface by October 8.

In 2020, blooms began to form in the LA and the OA
on May 30 during a stratification period that lasted from
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May 26 to June 5. This bloom, only observed in the two
smaller arms, reached a peak on June 4 (~50% coverage) and
began to decrease in size following a mixing event on June 6.
Blooms were detected in all three arms on June 18, growing
in extent until July 15 before declining to near levels in the
OA and the UA by August 8 and in the LA by August 26.
Unlike the previous summer, this decline occurred while
they lake was stably stratified from July 17 to August 1.
From August 26 to October 5, blooms began to prolifer-
ate in all three arms, covering ~85% of the lake by early
October. As in 2019, the blooms continued to grow through
the early fall despite decreasing lake stability. The 2020 fall
bloom declined slowly from its peak, continuing to cover at
least 50% of the OA and the LA through early November.
Peak cyanobacteria biovolumes for the 2020 season were
observed in late July samples in the UA and in September
in the OA and the LA.

The 2021 bloom season was the most severe observed
during the monitoring period. Blooms in the LA started
to form in late April prior to the onset of stratification.
From June 13 to July 29, blooms began to grow in extent
across all three arms, covering nearly 90% of each arm at
its peak, while the lake remained predominantly stratified,
and hypolimnetic DO concentrations were consistently < 1
mg L~!. This early summer bloom decreased in intensity
in all three arms from July 13 to 29 but continued to cover
more than 60% of the LA. Blooms began to rebound in all
three arms on August 1 and increased in coverage through-
out August until ~92% of the lake was covered on August
31. This late summer bloom continued covering the major-
ity of the lake until October 8 when the bloom disappeared
from the surface of the LA, followed by a declined in the
OA a month later on November 11. A bloom continued to
wain in the UA but persisted until January 2022. The highest
cyanobacteria biovolumes detected in 2021 were observed in
the LA on July 22, in the OA on September 3, and in the UA
on October 7. Despite interannual variation in intensity, the
blooms followed an analogous bimodal seasonal evolution
with peaks in bloom coverage in early summer and fall sepa-
rated by a mid-summer minimum. The seasonal component
of the CI time series showed the strongest seasonal trend
in the LA (F¢=0.53), while the strength of the seasonal
trend in the OA (F3=0.38) and UA (F3=0.28) was weaker
(Online Resource Fig. S.11). The early summer peak was
most prevalent in the LA, while the fall peak was primarily
observed in the UA.

Spatial and temporal variation in cyanobacteria commu-
nity composition highlights the complexity of Clear Lake’s
phytoplankton ecology (Fig. 6). During each summer, the
early season peak was dominated by N-fixing cyanobacteria,
while the fall peak contained both N-fixing and non-N-fixing
genera. In summer 2019, Aphanizomenon and Dolichosper-
mum dominated from June to August, comprising 22-92% of
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the total cyanobacteria biovolume. In comparison, in 2020,
the early summer peak was dominated by Gloeotrichia and
Dolichospermum, while Aphanizomenon, Limnoraphis, and
Dolichospermum dominated in June and July of 2021. In
contrast, non-N-fixing Microcystis and Pseudanabaena were
observed in September and October. Microcystis was pre-
dominantly observed in the LA, the OA and the Narrows.
Unlike other genera, Microcystis cannot fix nitrogen and
must utilize in-lake sources of N. Since bioavailable nitrate
and nitrite concentrations are very low in the summer due
to denitrification and algal uptake, this genus tends to form
where there is available NH,, such as the OA and the LA.
The interbasin variability in cyanobacteria ecosystem com-
position highlights the spatial heterogeneity of cyanobacteria
blooms across Clear Lake’s three arms.

Drivers of cyanobacterial blooms

Table 5 details the Spearman rank correlations between envi-
ronmental predictor variables and cyanobacteria biovolume
for 116 samples collected throughout the entire year from
2019 to 2021. Significant and positive correlations were
observed between surface temperature (p =0.53, p <0.001),
TP (p=0.52, p<0.001), and TN (p=0.48, p <0.001), while
TN:TP was negatively correlated (p=—0.40, p <0.001). No
significant correlations were observed between DO, Chla,
or wind speed with biovolume. The rank of each predic-
tor variable, based on the MRMR algorithm, indicated that
TN:TP and water temperature were the two most important
predictors (Fig. 7), followed by DO, TP, and TN. The drop
in importance score between each term represents the confi-
dence of feature selection. While there was a large decrease
in the importance score after the first two terms, the decrease
in score for subsequent predictors was relatively small,
implying that the difference in predictor importance for these
latter terms was not significant. A linear model incorporat-
ing both TN:TP and water temperature explained 43% of the
variance in cyanobacteria biovolume (Table 6). Adding an
additional DO term improved the adjusted R* of the model
to 0.45; however, the BIC of the three-parameter model also
increased, indicating that a multiple linear regression using
only TN:TP and water temperature is preferred, as it pro-
vides a simpler and more parsimonious explanation of the
data.

Discussion

Clear Lake’s morphometry (i.e., its shallow depth and large
surface area-to-volume ratio), warm in-lake summer tempera-
tures, and high rates of primary production make the system
conducive to internal P loading. In this study we hypothesized
that (1) diffusive P fluxes from anoxic sediments were the
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Table5 Spearman rank correlation coefficients for biovolumes of
total cyanobacteria and selected cyanobacteria genera with environ-
mental parameters measured in the water column, surface water tem-

perature (Temp), bottom water DO (DO), and 3-day trailing wind
speed (WS). 2019-2021 (n=116). Correlations with p<0.001 are
bolded

Chla TP TN TNTP Temp DO WS
cyano 0.25 0.52 0.48 —0.40 0.53 —0.22 0.26
micro 0.24 0.38 0.27 —0.30 0.21 —0.01 —0.07
anab 0.04 0.06 0.02 —0.07 0.14 0.06 0.15
lyng —0.10 0.07 0.02 —0.09 0.10 —0.37 0.09
doli 0.30 0.51 0.27 —0.48 0.79 —0.28 0.29
gloeo 0.03 0.03 0.06 0.01 0.25 —0.19 0.27

Correlations with p <0.001 are bolded
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Fig. 7 Predictor rank calculated from MRMR algorithm

primary source of phosphorus loading to Clear Lake, (2)
internal P loading created an N-limiting environment during
the summer, promoting blooms of nitrogen-fixing cyanobac-
teria, and (3) annual variation in the timing and duration of
hypoxia regulated the magnitude of the summer HCB sea-
son. During the 3-year monitoring period, we observed large
increases in lake TP each summer, which were an order of
magnitude larger than watershed P inputs from preceding
winters with internal sources accounting for 70%, 97%, and
96% of the total TP load in 2019, 2020, and 2021, respectively
(Table 7). Moreover, the largest increases in the water col-
umn TP occurred in the late summer and early fall each year,
when external loading from tributaries was lowest, further

Table 7 Internal and external TP load estimates (metric tons) for Jan-
uary—December (2019-2021)

Year Internal TP load External TP Internal load
load contribution (%
total)
2019 412 (306) 130 70 (59)
2020 605 (432) 22 96 (95)
2021 597 (492) 27 97(95)

supporting hypothesis (1). Nutrient measurements and phy-
toplankton identifications corroborated hypothesis (2), indi-
cating that increased summertime TP lowered the N:P ratio
below the 16:1 Redfield ratio, shifting the nutrient limitation
from P to N (Fig. 8). While the largest wintertime external
TP loading occurred prior to summer 2019, the highest peak
in-lake TP concentrations were observed in 2021, resulting
in the most severe HCB season recorded since 2004 (Fig. 9).
Through our high-frequency measurements of temperature
and oxygen, we demonstrated the validity of hypothesis (3)
attributing the high concentrations of TP observed in 2021 to
warmer air temperatures, prolonged periods of stratification,
and resultant hypolimnetic hypoxia that persisted throughout
the summer. The following sections will provide further sup-
porting evidence for each of these hypotheses. While many
eutrophic lakes that experience regular HCBs have high
internal P loading rates due to oxygen depletion at the sedi-
ment—water interface (SWI) and high rates of organic matter
production (Sgndergaard et al. 2001; Spears et al. 2012), it is
rare for it to dominate P cycling to such a large extent.
Internal load estimates are based on the observed
increase in water column TP (L;, ). Internal load estimates

Table 6 Comparison of multiple Model R? Adj. R? » BIC

linear regression models for

predicting cyanobacteria log(cyano bv)=252.8 — 39.4 log(TNTP) 026 025 <0.001 1258

biovolume log(cyano bv)=—89.4+96.0 log(Temp) — 16.1 log(TNTP) 046  0.43 <0.001 1226
log(cyano bv) =—82.4+94.9 log(Temp) — 14.9 log(TNTP) 0.46 0.45 <0.001 1231

—3.76 1og(DO)
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calculated from experimentally determined releases rates
are shown in parentheses. External load is the sum of both
watershed and atmospheric contributions

Contribution of external and internal loading

While TP loads from the watershed were greatest during the
wet winter season, the highest water column TP concentrations
were observed during each summer and fall, demonstrating
the prevalence of internal P loading in the system. In summer
2019 and 2020, TP increased in the hypolimnion faster than
in the epilimnion, further indicating that the sediments acted
as a major internal source of TP. By subtracting external load
contributions from the observed increase in water column TP
during the dry season (i.e., L;,, ;), we determined that internal
sources accounted for more than 70% of the TP in the lake
each summer (Table 7). While atmospheric load estimates
varied interannually by less than 10%, watershed loads were
significantly less in 2020 and 2021 due to lower-than-average
stream inputs as a result of a prolonged drought, resulting in a
higher relative contribution of internal loading to the overall
P budget. The overwhelming influence of internal loadings on
P cycling in Clear Lake suggests that focusing on managing
in-lake internal P sources (e.g., dredging, hypolimnetic oxy-
genation, alum application) is more likely to result in improved
water quality than focusing on non-point source pollution from
the watershed (De Palma-Dow et al. 2022). Nevertheless, lake
restoration requires a holistic approach in which both external
and internal sources are managed.

Contribution of internal P loading to seasonal N
limitation

While many freshwater systems have been historically viewed
as P-limited environments, the release of P from sediments
in eutrophic systems can increase phosphorus availability in
the water column, thereby reducing N:P ratios and shifting
the system towards N limitation (Ding et al. 2018; Wu et al.
2020). As a result of the large mass of P released from sedi-
ment pools during hypoxic periods, Clear Lake experienced
N limitation at least 8 months each year, with TN:TP molar
ratios remaining consistently <25 from June through January
(Fig. 8). TN:TP was utilized to indicate nutrient limitation,
rather than DIN:SRP, as TP and SRP were strongly corre-
lated (r=0.98, p <0.001). Our findings align with historical
monitoring data which show persistently low TN:TP ratios
in Clear Lake since the early 1970s (Online Resource Fig.
S.2) and with high concentrations of TP and SRP correspond-
ing with low DO (De Palma-Dow et al. 2022). Florea (2022)
likewise observed consistent N limitation across 10 Clear
Lake monitoring sites in 2020 and 2021. These results agree
with an analysis of 369 German lakes, which found that shal-
low polymictic lakes are predominantly N-limited during the
summer (Dolman et al. 2016).

When ratios of N:P are low, cyanobacteria often domi-
nate phytoplankton assemblages, as their ability to fix nitro-
gen provides a competitive advantage over other N-limited
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groups (Smith 1983). With the exception of Microcystis and
Pseudanabaena, all dominant cyanobacteria genera in Clear
Lake are N-fixing, allowing them to thrive in N-limited envi-
ronments. The strong negative correlation between TN:TP
and cyanobacteria biovolume supports our hypothesis that
the relative abundance of cyanobacteria increases as the N:P
ratio decreases. The MRMR predictor rank further high-
lights TN:TP ratio as the single most important predictor of
cyanobacteria bloom intensity. The TN:TP ratio was higher
ranked than either TN or TP alone, likely because the ratio
incorporates both the amount of TP available to cyanobac-
teria and the amount of N-limiting growth of other phyto-
plankton groups. Thus, this statistically significant correla-
tion provides further evidence that internal P release from
lake sediment promotes the proliferation of HCBs by both
increasing bioavailable limiting nutrients and altering the
nutrient balance in favor of N-fixing cyanobacteria.

Seasonal and inter-annual variability of HCBs

While there was variability in the intensity and duration of
each summer bloom season, there were commonalities in
their temporal evolution. In each year, the bloom season
could be separated into three periods: (1) an early summer
bloom in June and July predominantly in the LA, when Apha-
nizomenon began the bloom, (2) a late summer minimum in
August, and (3) a large fall bloom in September and October
predominantly in the OA and the UA. This bimodal pattern
corroborates the findings of Horne (1975) who documented
a seasonal succession of cyanobacteria species in Clear Lake
with peaks of Aphanizomenon in early summer and Anabaena
in early fall separated by a minimum in cyanobacteria biomass
in late summer. Horne hypothesized that the mid-summer
decline was due to iron depletion, a trace element integral to
the nitrogenase enzyme required for N fixation, limiting the
growth of diazotrophs. Iron limitation on nitrogen fixation has
been widely observed in both freshwater and marine systems
(Hanington et al. 2016; Mills et al. 2004; Wurtsbaugh and
Horne 1983). Dissolved iron measurements collected from
1970 to 2020 in Clear Lake show a decrease in the monthly
average and minimum concentrations from June through Sep-
tember, indicating that the system was likely iron-limited in
the late summer (Summary Report on Metals and Metalloids
in Clear Lake 2022). Seasonal cyanobacteria succession can
also be regulated by zooplankton grazing, day length, light
availability, and water temperature (Abrantes et al. 2006).
Cyanobacteria community composition data further
demonstrate that the seasonal pattern in bloom intensity is a
result of shift in the dominant genera. For example, during
June and July of 2020, Gloeotrichia was detected in all mon-
itoring sites, except for UA-06, but completely disappeared
from the fall bloom, replaced by Limnoraphis as the domi-
nant species in September 2020. Similarly, Aphanizomenon
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was prevalent in April and June samples in 2021 but was
succeeded by Pseudanabaena and Microcystis as the domi-
nant genera in September 2021 samples. Neither Pseudana-
baena nor Microcystis can fix nitrogen, so their appearance
in the fall is likely driven by increasing availability of TN,
which increased throughout the summer each year (Florea
et al. 2022).

In comparison to all bloom seasons since 2004, BM in
2019 and 2020 was below average, whereas the 2021 BM
was the most severe on record (Fig. 9). The highest cyano-
toxin levels, specifically Microcystin, ever documented in
the lake were observed August 2021, providing further
evidence of the exceptional bloom magnitude in that sum-
mer (Big Valley EPA 2021). Annual bloom magnitudes in
Clear Lake show a significant, positive linear correlation
with summertime TP concentrations in the lake (R2: 0.47,
p=0.007). However, contrary to observations from many
eutrophic systems (Kane et al. 2014), high wintertime exter-
nal loading rates were not correlated with the magnitude
of the subsequent HCB season. While discharge from Mid-
dle Creek was linearly correlated with BM during years
with cumulative discharge less than 0.05 km? (R2= 0.35,
p=0.074), for high flow years, the relationship is nonlinear.
In fact, during this 3-year study, we observed an inverse
relationship to discharge, with years of low external loading
corresponding to more severe blooms. This result is consist-
ent with the observations of De Palma-Dow (2022), which
found that summer TP concentrations in Clear Lake were
negatively correlated with precipitation during the previ-
ous winter. While this study covers only three summers, we
were able to observe HCB seasons following both extremely
wet and extremely dry water years. Precipitation accumula-
tions during the 2018-2019, 2019-2020, and 2020-2021
water years were respectively 170%, 55%, and 30% of the
average rainfall from 1997 to 2021. While P loading from
sediments is primarily driven by internal processes, TN con-
centrations each year were highest in the early winter follow-
ing major storm events. This pattern suggests that external
loading may be more important in controlling N availability
than P availability and is supported by the fact that the UA,
which receives the majority of stream inflows, had an N:P
ratio < 20 in July 2019 but dropped below this threshold a
month earlier in both 2020 and 2021 when inflows during
the previous winters were low (Fig. 8).

In contrast to external loading, we observed that the
timing and duration of stratification events, resulting from
variability in summer meteorological conditions, strongly
influenced in-lake TP concentrations and the severity of the
summer HCB season in Clear Lake. From June to September
of 2019 and 2020, the 10-day averaged wind speeds fluc-
tuated between 2 and 5 ms~!, while monthly average air
temperatures ranged from 16.0 to 24.5 °C in 2019 and 17 to
25.6 °C in 2020 (Online Resource Fig. S.10). In 2021, on
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the other hand, wind speeds declined from a peak in June
throughout the summer and remained consistently below
3 ms~!. Monthly air temperatures were warmer than in both
previous years, with July (27.2 °C) and August (26.2 °C)
being particularly hot. The combination of lower wind
speeds and warmer air temperatures in 2021 resulted in
the longest stratification event observed during the three
summers, June 18-July 21. When a lake is stably stratified,
cyanobacteria can use their buoyancy control ability to rise
to the surface and outcompete other photosynthetic organ-
isms for sunlight (Oliver et al. 2012). During this particu-
larly long stratification event, cyanobacteria covered over
85% of the lake’s surface area (Fig. 3). In contrast, during
the previous two summers, stratification periods ranged
from only 3 to 10 days when the HCB seasons were rela-
tively mild. Furthermore, thermal stratification isolated the
hypolimnion from oxygenated surface waters, leading to
rapid oxygen depletion at depth and longer periods of time
for anoxic P fluxes from lake sediments. As a result, both
SRP and TP concentrations were higher in 2021 than in pre-
vious summers. Low spring discharge followed by warm
stably stratified summers appear to influence interannual
HCB variability in Clear Lake.

Comparative estimates of internal load

The discrepancy in L;, estimates (Table 3) highlights the
fundamental differences and limitations of each method
(Burnet and Wilhelm 2021; Niirnberg 2009a, b). L;, ; pro-
vides the most direct and intuitive quantification of internal
P loading, as it is based on measured increases in water col-
umn nutrient concentrations during the dry season. How-
ever, this method aggregates all potential internal P sources
(e.g., mineralization of organic P, mechanical resuspension,
and redox-dependent sediment fluxes), obfuscating the rela-
tive contribution and timing of each mechanism. Further-
more, this method may underestimate the internal loading
if sampling events are not frequent enough to capture peak
nutrient concentrations in the water column. L, ;, however,
does provide an observation-based benchmark against which
to compare theoretical estimates.

In contrast, L;,, , quantifies the theoretical gross internal
load released from sediments, excluding other mechanical
or biological release mechanisms. In the OA and the LA,
2019 L;,, , calculated with RR,,. and RRrp agreed closely
with one another, corroborating our hypothesis that despite
frequent vertical mixing events, redox-dependent diffusive
flux from lake sediments is the primary mechanism of inter-
nal loading in these two arms of the lake. Compared with
published release rates from other hypereutrophic reservoirs
(n=21, Carter and Dzialowski 2012; Niirnberg 1988), the
UA sites have relatively low release rates, while the other
sites were about average. However, L;,, , 1p estimates for the
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Fig. 10 Comparison of sediment composition with SRP release rates
in lab incubation experiments. Sediment concentrations are units of
pg ¢! and are average of the top 0-5 cm from duplicate oxic incu-
bated cores, while SRP release rates shown are from anoxic cores.
The solid line indicates least-squares linear regression with a 95%
confidence interval (dotted line)

UA were 60% (2019)-110% (2021) larger than Ly 5 core-
Duplicate cores from all three UA sites had lower RR values
than in the other arms, so this discrepancy is not likely the
result of higher spatial heterogeneity than found in the other
arms. Lower diffusive flux from UA sites may partially be
explained by variation in sediment P composition (Fig. 10).
UA cores contained the lowest concentrations of both TP
and Fe/Al-bound P, the most labile P form, in the top 5 cm
of profundal sediments. Previous research has shown that
concentrations of Fe-bound P (Messer et al. 1984) and TP
(Niirnberg 1988) in sediment are closely correlated with
anoxic P release rates. Therefore, the lower observed RR
values in UA cores likely reflect a smaller mobile P pool in
UA sediments available for release. In addition, there was
significant negative correlation between percent solids of
the sediment (i.e., the total amount of solid material remain-
ing after desiccating the sample) and SRP fluxes (R*=0.78,
p<0.001). With a greater percentage of solids in sediments,
there is less interstitial pore space where high rates of dif-
fusion of P from solid to aqueous phase can occur. In 2020
and 2021, on the other hand, estimates from L;,, ; .o, Were
significantly less than L;,, , 1p in all arms, suggesting that
seasonal variation in sediment P pools needs to be consid-
ered, especially in polymictic lakes, highlighting the limi-
tations when modeling multi-year internal loads from an
individual incubation experiment. While the magnitude of
the internal loading varied by up to 40% depending on the
method employed, both the gross and net estimates dem-
onstrate that internal P loading during the summer/fall, not
external loading, is the primary factor driving seasonal nutri-
ent fluctuations in Clear Lake.
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Monitoring the response of Clear Lake to management
and restoration programs requires accurately capturing the
spatial and temporal variation of water quality, hypoxia, and
nutrient loadings across the lake. Examining the strengths
and limitations of the various methods we employed to quan-
tify basin-wide gross and net internal loads can be instruc-
tive for improving loading estimates in other polymictic sys-
tems. Due to labor and financial constraints, L;,, ; is often
the preferred method for determining loading rates in res-
ervoirs (Burnet and Wilhelm 2021). However, this method
assumes that measurements from monitoring sites are rep-
resentative. In the UA, we observed within-basin variation
in peak TP and SRP concentrations up to 23% and 24%,
respectively. In contrast, net loading calculations for OA and
LA were estimated from one monitoring site each, and thus
there is uncertainty when assuming spatially homogenous
concentrations across each sub-basin. Previous tracer studies
have indicated that when stratified, baroclinic gradients and
wind forcing can drive high dispersion rates and interbasin
exchange of constituents throughout Clear Lake (Rueda et al.
2008). As a result, there can be significant intra- and inter-
basin variability in nutrient concentrations. While individual
point measurements may be sufficient for detecting long-
term trends in eutrophication, distributed sampling strategies
are necessary to accurately quantify internal loads in shallow
lakes that are strongly influences by advective processes.

In addition, correctly determining the extent and duration
of sediment anoxia can be challenging in shallow lakes with
complex morphometry. In deep, stratified environments,
the anoxic/hypoxic zone evolves in a predictable manner,
forming first in the deep pelagic zone and growing verti-
cally towards the shoreline until fall turnover ventilates the
hypolimnion. When stably stratified, periodic vertical DO
profiles are sufficient to determine the spatial extent of the
actively releasing sediment area. However, in shallow pol-
ymictic systems, intermittent periods of stratification and
mixing can deplete the hypolimnion of oxygen or rapidly
reaerate it such that routine profile sampling may fail to
accurately capture these changes. High-frequency in situ
DO measurements, on the other hand, provided a more
precise record of the timing and inter-basin variability of
hypoxia. While AA 4 is frequently used to estimate the
seasonal extent of sediment anoxia in polymictic systems,
it does not indicate the timing of hypoxic events at time-
scales relevant to ecosystem processes. By utilizing in situ
measurements, we were able to precisely determine at an
hourly time step when hypolimnetic DO concentrations
would promote redox-dependent sediment P releases and
when mixing events occurred that facilitated the transport
of nutrient-enriched hypolimnetic waters to the photic zone
for biotic uptake. Such high-frequency data can help to bet-
ter quantify the physical and biogeochemical processes that
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influence interannual variability in cyanobacteria blooms in
polymictic systems.

Unresolved internal loading mechanisms

The discrepancy between modeled and experimentally deter-
mined loading rates in the UA suggests that additional mech-
anisms are contributing to internal P loading in this arm.
Despite containing the lowest sediment concentrations of TP
and Fe/Al-bound P (Fig. 10), peak TP concentrations were
consistently observed in the UA sites each summer. This
may appear counterintuitive, as diffusive P fluxes are gener-
ally correlated with sediment P content (Niirnberg 1988).
However, this trend is consistent with routine water quality
and sediment sampling data collected by the LCWRD over
the last 15 years (County of Lake Water Resources Depart-
ment 2022), which measured lower sediment TP concen-
trations throughout the year and higher peak water column
TP concentrations in the UA when compared with OA
and LA sites. Increased loading in the UA can be partially
explained by the longer periods of thermal stratification and
a higher surface area-to-volume ratio. However, the discrep-
ancy between experimental (RR_ ) and modeled (RRyp)
sediment release rates in the UA indicate that additional
mechanical (resuspension), chemical (pH), and biological
(e.g., decomposition, translocation by cyanobacteria) pro-
cesses are contributing to P cycling in this arm specifically.

In shallow lakes, physical processes such as wind stir-
ring, wave action, boat wakes, benthivorous fish activity,
and bioturbation by benthic infauna can disturb sediment,
redistributing P-enriched water through the water column,
enhancing P exchange (Steinman and Spears 2020). Wind-
driven sediment resuspension has been identified as an
important physical P-loading mechanism in many shallow,
eutrophic systems, (Havens et al. 2007; Huang et al. 2016;
Tammeorg et al. 2013), and experiments have shown that P
fluxes from resuspended material can be 20-30 times greater
than from undistributed sediments (Sgndergaard et al. 1992).
The dynamic ratio (i.e., inverse of the morphometric factor,
DR) quantifies the susceptibility of a basin to wind-driven
resuspension, with basins above a threshold of 0.8 generally
being classified as highly susceptible (Havens et al. 2007).
At Clear Lake, only the UA exceeds this threshold (Table 1),
adding credibility to the hypothesis that sediment resuspen-
sion, during the summer and fall, may release TP in the
shallow littoral regions. During the dry 2020 and 2021 years,
the summertime water level declined by more than 1 m from
2019, significantly increasing the surface area susceptible
to wind-driven resuspension (Laenen et al. 1996). Higher
rates of sediment resuspension may in part have contributed
to higher TP concentrations during a drought in the early
1990s.
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Another potential mechanism is photosynthetically ele-
vated pH driving higher release rates in littoral zones, as the
pH of a waterbody influences the capacity of sediment to
bind P. At high pH values, hydroxyl ions replace P on iron
particle binding sites, leading to a decline in the capacity
of oxidized surfaces to bind P (Jensen and Andersen 1992;
Orihel et al. 2017). As photosynthesis results in elevated
pH, high productivity events can increase P release (Koski-
Vihild and Hartikainen 2001). However, pH varied by less
than 1 (7.7-8.7) between basins during the summer, indicat-
ing that this mechanism is unlikely to drive higher release
rates in the UA specifically. Phosphorus translocation by
migrating cyanobacteria, such as Gloeotrichia, can also con-
tribute to internal loading in shallow lakes (Barberio and
Welch 1992). However, given that Gloeotrichia was primar-
ily observed in LA and OA (Fig. 6), this mechanism also
does not explain the high P concentrations in the UA.

In addition, the decomposition of organic material can
constitute a significant organic P input, as phosphorus is
incorporated into numerous biomolecules (Orihel et al.
2017). Surface-catalyzed hydrolysis, photolysis, and min-
eralization by microbial activity can in turn mobilize and
convert this solid organic P into an aqueous phase (Orihel
et al. 2017; Reitzel et al. 2007). A biological survey of Clear
Lake documented that the majority of rooted aquatic vegeta-
tion is found along the northern and western shallow regions
of the UA (ReMetrix 2003), indicating that there is potential
for higher rates of mineralization of aquatic vegetation in the
UA relative to the deeper arms. However, few measurements
of organic matter in Clear Lake sediments have been col-
lected to date. Future research should focus on investigating
the role that each of these factors play in contributing to P
cycling between sediments and the water column in Clear
Lake.

Conclusions

Net and gross internal P loads for Clear Lake were calculated
for a 3-year period using two comparative methods to deter-
mine the relative contribution of external and internal load-
ing to the system. Internal P loading accounted for 70-95%
of the TP mass observed in Clear Lake annually with higher
loading observed during drought years. The release of P dur-
ing hypoxic periods shifted the system towards N limitation,
favoring the proliferation of HCBs. N-fixing cyanobacteria,
input additional N throughout the summer, facilitating the
subsequent growth of non-N-fixing toxin-producing cyano-
bacteria, like Microcystis, in the fall. With climate change
expected to promote longer and more intense periods of
thermal stratification in temperate lakes, state and federal
agencies should prioritize funding of in-lake strategies to

mitigate HCBs in impaired water bodies. Engineering solu-
tions such as hypolimnetic oxygenation, sediment dredg-
ing, and alum application are clearly needed in conjunction
with watershed restoration projects to limit the availability
of in-lake nutrients fueling these blooms in the short and
long term.
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